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Research

During recent years, it has been widely
discussed whether environmental chemicals
mimicking or inhibiting the action of endoge-
nous hormones, the so-called endocrine dis-
ruptors (EDs), have an adverse effect on male
reproductive function (Skakkebæk et al. 2001;
Toppari et al. 1996). This debate followed
reports indicating negative secular trends in
sperm counts and concomitant increases in the
incidence of testicular cancer as well as congen-
ital abnormalities of male genitalia, such as
cryptorchidism and hypospadias (Giwercman
et al. 1993). These abnormalities, together
with some forms of male infertility, constitute
the so-called testicular dysgenesis syndrome
(TDS). Furthermore, it has been suggested
that TDS is due to a hormonal imbalance in
the male reproductive system caused by fetal
exposure to EDs (Skakkebæk et al. 2001).

Compounds with potential ED effects,
including persistent organohalogen pollutants

(POPs), such as polychlorinated dibenzo-
furans, polychlorinated dibenzo-p-dioxins,
polychlorinated biphenyls (PCBs), dichloro-
diphenyltrichloroethane (DDT), and dichloro-
diphenyldichloroethene (p,p´-DDE; the most
stable daughter compound of DDT), are ubiq-
uitous environmental contaminants. These
compounds are highly persistent, which results
in bioaccumulation and biomagnification in
the food chain. Measurable levels of PCBs and
p,p´-DDE are found in a large proportion of
the general population (Longnecker et al.
1997). Some of these chemicals can disrupt
multiple endocrine pathways and induce a
wide range of toxic responses (Toppari et al.
1996). A variety of studies have demonstrated
their estrogenic, antiestrogenic, and androgen-
interfering properties (Danzo 1997; Kelce
et al. 1995). Furthermore, some of the PCBs
have dioxin-like activity and therefore,
through binding to the aryl hydrocarbon

receptor (AhR) (Pocar et al. 2005), indirectly
modify sex steroid action.

Provided that POPs can act as EDs, one
should expect these compounds to interfere
with the normal hypothalamo–pituitary–
gonadal axis. However, the data regarding
such associations are relatively limited, and
the overall picture of the effect of exposure on
hormone levels is not uniform.

It is not feasible to analyze all of the several
hundred POP compounds that might be
detected in human serum. Therefore, reliable
proxy markers of exposure need to be used.
The PCB congener 2,2´,4,4´5,5´-hexachloro-
biphenyl (CB-153), found in relatively high
concentrations in human serum, has been
selected as a biomarker for POP exposure
because of its very high correlation with the
total PCB concentration (Glynn et al. 2000;
Grimvall et al. 1997), the 2,3,7,8-tetra-
chlorodibenzo-p-dioxin (TCDD) equivalent
(TEQ) from PCBs, and the total POP-derived
TEQ (Gladen et al. 1999a) in Swedish and
North American populations. Likewise, the
major DDT metabolite p,p´-DDE, an anti-
androgenic compound, is another good indica-
tor of POP exposure. Previous studies from
Greenland, Sweden, Poland, and Ukraine
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OBJECTIVE: Persistent organohalogen pollutant (POP) exposure may have a negative impact on
reproductive function. The objective of this study was to assess the impact of POP exposure on
the male hypothalamo–pituitary–gonadal axis.

PARTICIPANTS: Participants included 184 Swedish fishermen and spouses of pregnant women from
Greenland (n = 258), Warsaw, Poland (n = 113), and Kharkiv, Ukraine (n = 194).

EVALUATIONS/MEASUREMENTS: Serum levels of 2,2´,4,4´,5,5´-hexachlorobiphenyl (CB-153) and
dichlorodiphenyl dichloroethene (p,p´-DDE) were determined in the four populations, showing
different exposure patterns: Swedish fishermen, high CB-153/low p,p´-DDE; Greenland, high
CB-153/high p,p´-DDE; Warsaw, low CB-153/moderate p,p´-DDE; Kharkiv, low CB-153/high
p,p´-DDE. Serum was also analyzed for testosterone, estradiol, sex hormone-binding globulin
(SHBG), inhibin B, luteinizing hormone (LH), and follicle-stimulating hormone (FSH). Free
testosterone levels were calculated based on testosterone and SHBG.

RESULTS: We found significant center-to-center variations in the associations between exposure and
the outcomes. The most pronounced effects were observed in Kharkiv, where statistically significant
positive associations were found between the levels of both CB-153 and p,p´-DDE and SHBG, as
well as LH. In Greenland, there was a positive association between CB-153 exposure and LH. In
the pooled data set from all four centers, there was positive association between p,p´-DDE and FSH
levels [β = 1.1 IU/L; 95% confidence interval (CI), 1.0–1.1 IU/L]. The association between
CB-153 levels and SHBG was of borderline statistical significance (β = 0.90 nmol/L; 95% CI,
–0.04 to 1.9 nmol/L).

CONCLUSIONS: Gonadotropin levels and SHBG seem to be affected by POP exposure, but the pattern
of endocrine response is the subject of considerable geographic variation. 
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indicate that the exposure for p,p´-DDE is still
considerable (Czaja et al. 1997; Deutch and
Hansen 2000; Gladen et al. 1999b; Sjödin
et al. 2002).

As a part of a European Union–supported
action, the impact of POP exposure on differ-
ent aspects of male reproductive function was
investigated in three European populations
and among Greenland Inuit (Biopersistent
Organochlorines in Diet and Human Fertility:
Epidemiologic Studies of Time to Pregnancy
and Semen Quality in Inuit and European
Populations; INUENDO 2006). The aim of
the present study was to assess the possible
association between levels of CB-153 and
p,p´-DDE in serum  and reproductive hor-
mones in males. Our hypothesis was that,
provided that POPs act as EDs, the levels of
the two exposure markers should to some
degree correlate with concentrations of markers
of testicular [testosterone, estradiol (E2),
inhibin B] and/or pituitary [follicle-stimulating
hormone (FSH) and luteinizing hormone
(LH)] function. The action of POPs on the
hypothalamo–pituitary–gonadal axis might be
primarily exerted through the testis or via the
hypothalamus/hypophysis. Because these
chemicals can possess a multitude of endocrine
effects, we did not, a priori, hypothesize which
type of hormonal changes would be expected.

Materials and Methods

Study populations. The present study is part
of a European study on fertility (INUENDO)
using a uniform protocol for data collection
in Greenland, Sweden, Ukraine, and Poland.
The details of recruitment of study subjects
have been described previously (Toft et al.
2005). In Greenland, Warsaw, Poland, and
Kharkiv, Ukraine, the men were recruited for
semen and blood sampling through their
female partners attending the antenatal care
clinics.

Briefly, the population from Greenland
represents a population of Inuit with average
exposure to high concentrations of POPs,
because these compounds are bioaccumulated
in sea mammals, which constitute a large part
of their traditional food. In Ukraine, a recent
study indicated current or recent exposure to
DDT; in other parts of Europe, DDT has
been banned and not used for about 30 years
(Gladen et al. 1999b). In Poland, we included
a population around the city of Warsaw, rep-
resenting the exposure level in a large central
European city. The concentrations of PCBs
and DDE in breast milk samples from
Warsaw are similar to those found in recent
studies from other European regions (Czaja
et al. 1997).

Swedish fishermen were recruited from a
cross-sectional semen study (Rignell-Hydbom
et al. 2004). East coast fishermen are highly
exposed to POPs through fatty fish from the

Baltic Sea. To secure a large variation in POP
exposure, fishermen from the Swedish west
coast were also included. The latter group has
previously been shown to have POP concen-
trations at the same level as the general
Swedish population and three times lower
than the east coast fishermen (Svensson et al.
1995). The Swedish data have been reported
separately (Rignell-Hydbom et al. 2004).

The following standard criteria were used
for inclusion of men in the study: a) > 18 years
of age, b) born in the country where the study
was performed, and c) demonstrated fertility
by having a pregnant or recently pregnant
wife, except for the Swedish part of the study,
where all fishermen were eligible if the first
two criteria were fulfilled. However, 80% of
the Swedish fishermen had fathered a child
(Rignell-Hydbom et al. 2004).

In each center, the goal for recruitment was
200 men for the semen study; subjects who
participated were as follows: in Greenland,
201 (79% participation rate); in Warsaw 198
(29%); in Kharkiv, 208 (8%); and in Sweden,
195 (8%). However, 105 men from Greenland,
85 from Warsaw, 14 from Kharkiv, and
11 from Sweden had to be excluded because of
missing information on season and time of day
when the blood sample was drawn. Another
162 men from Greenland, who did not partici-
pate in the semen study but were recruited in a
similar way for a time-to-pregnancy (TTP) sur-
vey, were included in the analysis, giving a final
total study group of 749 subjects.

A nonparticipant analysis performed for
Greenland and Warsaw did not show any dif-
ference in reproductive hormone levels
between subjects who had been excluded and
those who remained in the final study group.
Moreover, the hormone levels in the 162 men
from Greenland included from the TTP
study were similar to those in the 96 who
delivered semen samples.

The local ethics committees representing all
participating populations approved the study,
and all subjects signed informed consents.

Collection of blood samples. Blood samples
were drawn from a cubital vein into 10-mL
vacuum tubes for serum collection without
additives (Becton Dickinson, Maylan, France).
After cooling to room temperature, the tubes
were centrifuged at 4,000 × g for 15 min.
Serum was transferred with ethano-rinsed
Pasteur pipettes to ethanol-rinsed brown glass
bottles (Termometerfabriken, Gothenburgh,
Sweden). A piece of aluminum foil was placed
on top of the bottles, which were then sealed.
After a maximum of 4 days in the refrigerator,
sera were stored at –20°C until shipment on
dry ice and kept frozen until analysis.

Measures of exposure. Serum concentra-
tions of CB-153 and p,p´-DDE were analyzed
by gas chromatography/mass spectrometry
after solid-phase extraction (Richthoff et al.

2003). POP levels were adjusted for serum
lipids determined by enzymatic methods.

Hormone analyses. Measurements of FSH,
LH, and E2 were made using the UniCel DxI
800 Beckman Access Immunoassay system
(Chaska, MN, USA). The lower limits of
detection (LODs) for the assays were 0.2 IU/L,
0.2 IU/L, and 8.0 pmol/L, respectively. The
total assay coefficients of variation (CVs) were
as follows: for FSH, 3.5% at 5.5 IU/L and
4.1% at 23.6 IU/L; for LH, 5.2% at 4.0 IU/L
and 2.3% at 19.3 IU/L; and for E2, 17.4% at
44 pmol/L and 6.7% at 303 pmol/L. Serum
testosterone levels were measured by means of
a competitive immunoassay (Access; Beckman
Coulter Inc., Fullerton, CA, USA) with an
LOD of 0.35 nmol/L and a total assay CV of
2.8% at 2.9 nmol/L and 3.2% at 8.1 nmol/L.
Sex hormone-binding globulin (SHBG) con-
centrations were measured using a fluoro-
immunoassay (Immulite 2000; Diagnostic
Products Corporation, Los Angeles, CA,
USA). The LOD was 0.02 nmol/L, and the
total assay CV was 3.7% at 29 nmol/L and
6.7% at 85 nmol/L. Values of free testosterone
(fT) were calculated from total serum testos-
terone and SHBG concentrations using the
formula by Vermeulen et al. (1999).

Inhibin B levels were assessed using a spe-
cific immunometric method as previously
described (Groome et al. 1996), with an LOD
of 15 ng/L and intraassay and total assay
CVs < 7%.

All assays were performed at Malmö
University Hospital after the completion of
sample collection. Interassay variation was
minimized by analyzing samples from the
same center in the same batch.

Statistical analysis. The association between
exposure and hormone levels (fT, E2, SHBG,
inhibin B, FSH, LH) was tested with linear
regression. Because the fT rather that the total
fraction of testosterone is considered as being
biologically active, only the SHBG-adjusted fT
(Vermeulen et al. 1999) and not total testos-
terone levels are given. To achieve normal dis-
tribution of the residuals, both exposure
parameters and concentrations of LH and FSH
were transformed by the natural logarithm. The
log-transformed values are presented in the
tables showing linear regression results, whereas
back-transformed values are given in the text.

The list of potential confounders included
body mass index (BMI) (< 20, 20 to ≤ 25, > 25
to ≤ 30, > 30), smoking (yes/no), alcohol con-
sumption (≤ 21 or > 21 alcohol drinks per
week), season of sampling (summer, autumn,
winter, spring), time of sample collection
(before 1200 hr or 1200 hr or later), and age
(years, as a continuous variable). Variables were
included in the basic model one by one and
were kept for further analysis only if the risk
estimate was changed at least 10%. The poten-
tial confounders were added to the model in a
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stepwise order according to their effect on the
risk estimate but were kept in the model only if
the exclusion changed risk estimate at least 5%.
The characteristics of the study populations
with respect to exposure, outcome variables,
and potential confounders are given in Table 1.

Hormone levels were compared in the
three cohorts of partners of pregnant females
(Greenland, Warsaw, and Kharkiv), with
men from Greenland serving as a reference
population.

Apart from testing the exposure levels as
continuous variables, the CB-153 and
p,p´-DDE variables were analyzed as five arbi-
trarily categorized groups (0–50, 51–100,
101–200, 201–400, and ≥ 401 ng/g lipid for
CB-153; 0–50, 51–100, 101–200, 201–400,
and ≥ 401 ng/g lipid for p,p´-DDE) (Table 2).
The categorized variables were entered as
dummy variables in the regression models. For
each hormone parameter combination, we
tested the difference between the highest and
lowest exposure groups with sufficient num-
bers of subjects for performing statistical
analysis (the subjects within the groups were
unevenly distributed between the centers
because of different exposure profiles).

Because the CB-153 and p,p´-DDE
serum levels, especially in Inuit and Swedish
fishermen, were highly correlated (r = 0.93
and 0.79, respectively) (Jönsson et al. 2005),
both variables were not taken into the models
simultaneously.

Initially, all analyses were stratified by the
four study groups. Thereafter, we performed a
statistical test for heterogeneity of risk includ-
ing significance test for interaction terms in
multiple linear regression models. If the inter-
action between the exposure and the region in
relation to the given outcome was not statisti-
cally significant, we estimated the strength of
the associations based on data aggregated from

several regions, including study group as a
covariate in the models.

All analyses were carried out using SPSS
software (SPSS for Windows, version 11.0;
SPSS Inc., Chicago, IL, USA).

Results

Between-center variation in hormone levels.
When comparing the three cohorts of partners
to pregnant women, we observed statistically
significant differences in serum levels for all
hormones except LH. With Greenland as ref-
erence, men from Warsaw presented with
lower fT and SHBG levels and those from
Kharkiv with higher fT levels. The E2 concen-
tration was higher in both Warsaw and in
Kharkiv; for inhibin B and FSH, the only dif-
ference was lower levels in Warsaw. The results
are summarized in Table 3.

The results of linear regression analyses
for continuous exposure variables are given in
Tables 4 and 5. Below, we present a sum-
mary of the results according to the sample
collection center.

Greenland. We found a weak but statisti-
cally significant positive association [β =
0.011 nmol/L; 95% confidence interval (CI),

0.0004–0.024 nmol/L; p = 0.04] between
p,p´-DDE levels and fT (Table 5). The highest
exposure group for CB-153 presented with sig-
nificantly higher LH levels compared with the
lowest group (mean difference, 1.4 IU/L;
95% CI, 1.1–1.7 IU/L; p = 0.02). The highest
p,p´-DDE group presented with significantly
higher inhibin B levels (mean difference,
35 ng/L; 95% CI, 1.5–69 ng/L; p = 0.04) than
did the lowest group.

Warsaw. No statistically significant associ-
ations were found in the linear regression
analysis using continuous exposure levels. In
the analysis using categorized exposure, fT lev-
els were significantly lower in the third highest
CB-153 group (the highest in Poland) (mean
difference, –0.07 nmol/L; 95% CI, –0.1 to
–0.01 nmol/L; p = 0.01) compared with the
lowest group. The highest p,p´-DDE group
did not differ from the lowest group for any of
the hormone parameters tested.

Swedish fishermen. We found no statisti-
cally significant associations in Swedish fisher-
man, using either continuous or categorized
exposure variables.

Kharkiv. A statistically significant positive
association was found between CB-153 and
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Table 1. Characteristics of the study populations with respect to exposure, outcome variables, and potential confounders.

Characteristic Greenland (n = 258) Warsaw (n = 113) Swedish fishermen (n = 184) Kharkiv (n = 194) All (n = 749)

Exposure variablesa

PCB-153 (ng/g lipid) 190, 170 (5.1–5,500) 17, 18 (3.3–130) 190, 190 (40–150) 44, 47 (5.5–570) 90, 100 (3.3–5,500) 
p,p´-DDE (ng/g lipid) 480, 500 (5.9–13,000) 530, 5,109 (200–2,100) 250, 190 (40–2,300) 1,100, 1,000 (320–12,000) 510, 530 (5.9–13,000)

Potential confounders
Age (years)a 31, 30 (18–50) 31, 30 (20–46) 47, 48 (24–68) 27, 25 (19–45) 34, 32 (18–68)
Current smoking (%) 67 33 23 64 49
> 21 alcoholic drinks/week (%) 4.9 2.6 — 0 2.2
BMI < 20/20 to ≤ 25/> 25 to ≤ 30/> 30 (%) 3/41/40/14 2/40/45/12 0/32/53/15 6/59/33/3 3/44/42/11 
Season of blood sampling, summer/autumn/ 16/25/32/27 18/17/60/5 35/30/34/0 23/23/28/26 23/24/27/25

winter/spring (%)
Time of blood sampling, before 1200 hr/after 12/88 5/95 39/61 87/13 50/50

1200 hr (%)
Outcome variablesa

fT (nmol/L) 0.30, 0.30 (0.08–0.64) 0.29, 0.29 (0.12–0.51) 0.25, 0.23 (0.09–0.80) 0.39, 0.37 (0.11–0.84) 0.32, 0.30 (0.08–0.84)
SHBG (nmol/L) 29.5, 29.3 (11.1–61.9) 23.6, 21.7 (5.90–63.7) 31.4, 31.0 (6.80–71.1) 28.0, 27.0 (9.40–64.0) 28.7, 27.9 (5.90–71.1)
E2 (pmol/L) 64.2, 63.6 (26.8–264) 75.5, 68.6 (37.5–297) 70.2, 66.9 (25.4–155) 83.8, 78.2 (33.0–160) 72.4. 68.8 (25.4–297)
LH (IU/L) 3.88, 4.00 (1.40–13.2) 3.82, 3.70 (1.30–8.90) 3.97, 3.90 (1.50–19.6) 3.83, 4.00 (1.30–12.7) 3.88, 3.90 (1.30–19.6)
Inhibin B (ng/L) 173, 158 (13.0–470) 158, 153 (22.0–338) 190, 181 (2.00–433) 195, 188 (55.0–390) 180, 172 (2.00–470)
FSH (IU/L) 4.27, 4.20 (0.00–36.6) 3.48, 3.60 (0.70–16.7) 5.45, 5.10 (1.40–54.0) 3.72, 3.40 (1.00–21.3) 4.24, 4.16 (0.00–54.0)

aValues are mean, median (minimum–maximum).

Table 2. Numbers of subjects from the four study groups categorized by the distribution of CB-153 or
p,p-DDE for the total group.

Exposure marker Greenland (n = 258) Warsaw (n = 113) Swedish fishermen (n = 184) Kharkiv (n = 194)

CB-153 (ng/g lipid)
0–50 16 109 5 108
51–100 39 3 24 67
101–200 87 1 69 18
201–400 59 0 66 0
≥ 401 57 0 20 1

p,p´-DDE (ng/g lipid)
0–250 58 7 100 0
251–500 71 47 52 17
501–1,000 68 50 24 80
1,001–1,500 33 6 6 46
≥ 1,500 28 3 2 51



SHBG (β = 3.6 nmol/L; 95% CI, 1.7–5.5
nmol/L; p < 0.0005) as well as LH (β =
1.1 IU/L; 95% CI, 1.0–1.2 IU/L; p = 0.04)
(Table 4). For p,p´-DDE, we observed signifi-
cant associations with SHBG (β = 3.6 nmol/L;
95% CI, 1.3–5.9 nmol/L; p = 0.003), LH (β =
1.3 IU/L; 95% CI, 1.1–1.4 IU/L; p < 0.0005),
and inhibin B (β = –17.0 ng/L; 95% CI, –33.6
to –0.473 ng/L; p = 0.04). We also found an
association between SHBG concentration and
CB-153 exposure when exposure groups were
compared (Figure 1). The third highest expo-
sure group (only one subject was categorized
into the two highest groups) presented with
higher SHBG (mean difference, 7.5 nmol/L;
95% CI, 2.8–12 nmol/L; p = 0.002) compared
with the lowest exposure category. Similarly,
the highest p,p´-DDE group presented with
significantly higher levels of SHBG (mean dif-
ference, 6.8 nmol/L; 95% CI, 2.3–11 nmol/L;
p = 0.01) and LH (mean difference, 1.6 IU/L;
95% CI, 1.2–2.0 IU/L; p < 0.0005) and lower
inhibin B concentrations (mean difference,
–40 ng/L; 95% CI, –76 to –3.3 ng/L;
p = 0.03) compared with the second lowest
group (no subjects in the lowest group).

Pooled data. Heterogeneity testing showed
that data from the four study groups could be
pooled for all exposure–outcome combina-
tions, except for LH versus the continuous
exposure variables. The only statistically signifi-
cant finding was a positive association between
p,p´-DDE and FSH levels (β = 1.1 IU/L; 95%
CI, 1.0–1.1 IU/L; p = 0.03). The association
between CB-153 levels and SHBG was border-
line statistically significant (β = 0.90 nmol/L;
95% CI, –0.04 to 1.9 nmol/L; p = 0.06).

Discussion

This study, based on four cohorts of men
exposed to different levels of PCBs and
p,p´-DDE, provided some but not unequivocal
evidence of a dose-dependent impact of POP
exposure on levels of male reproductive hor-
mones. However, the association between
exposure and the outcome differed significantly
among the four populations. The most pro-
nounced effects were seen in Kharkiv and
Greenland: the two populations were character-
ized by high p,p´-DDE levels, and Greenland
even by high CB-153 exposure. In Kharkiv,
the CB-153 and p,p´-DDE exposures were

positively associated with LH and SHBG lev-
els. In Greenland, the same was true for
association between CB-153 and LH, although
because of a high correlation between levels of
the two POP markers in this region (Jönsson
et al. 2005), the effect of these two compounds
cannot be discriminated. In both locations, the
highest and lowest p,p´-DDE exposure groups
differed with regard to inhibin B levels,
although the association was positive in
Greenland and negative in Kharkiv. In the
pooled data set, the only statistically significant
association was between p,p´-DDE and FSH;
the association between CB-153 and SHBG
was borderline significant.

Although the magnitude of exposure-
related hormonal changes and also their direc-
tion differed among the four groups of men,
such discrepancy is plausible. The four study
groups represent populations rather hetero-
geneous with respect to their exposure profiles.
Apart from the differences regarding the
CB-153:p,p´-DDE ratio and the absolute
serum levels of these two chemicals in the four
populations studied, one cannot exclude that
the pattern of exposure to other POPs also
might be subject to significant geographic
variation.

It seems likely that differing sex-hormone–
mimicking effects of the various POPs, as
shown in vitro (Bonefeld-Jorgensen et al.
2001), might contribute to the diverging effects
regarding the levels of reproductive hormones.
Indeed, p,p´-DDE exhibits an antiandrogenic
effect, and PCBs may possess different types of
sex hormone agonistic and antagonistic activ-
ity. Furthermore, some PCBs were shown to
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Table 3. Adjusted mean (95% CI) hormone concentrations in the three cohorts of partners of pregnant women.

Hormone Greenland (n = 258) Warsaw (n = 113) Kharkiv (n = 194)

fT (nmol/L) 0.34 (Ref) 0.30 (–0.07 to –0.01) 0.39 (0.02 to 0.07)
SHBG (nmol/L) 30.0 (Ref) 24.2 (–8.56 to –2.86) 27.7 (–4.79 to 0.27)
E2 (pmol/L) 67.0 (Ref) 78.8 (3.97 to 19.6) 87.5 (13.6 to 27.3)
lnLH (IU/L) 1.44 (Ref) 1.40 (–0.18 to 0.009) 1.38 (–0.17 to 0.06)
Inhibin B (ng/L) 178 (Ref) 149 (–49.9 to –7.75) 178 (–18.7 to 18.0)
lnFSH (IU/L) 1.43 (Ref) 1.26 (–0.33 to –0.001) 1.35 (–0.22 to 0.07)

Ref, reference population. The 95% CIs for the difference from the reference value (Greenland) are given. The values are
adjusted for BMI, smoking, alcohol consumption, season, time of blood sampling, and age.

Table 4. Adjusted regression coefficients (β) for association between CB-153 lipid-adjusted levels and the outcome variables. 
Greenland (n = 258) Warsaw (n = 113) Swedish fishermen (n = 184) Kharkiv (n = 194) All (n = 749)

Hormone β 95% CI (β) β 95% CI (β) β 95% CI (β) β 95% CI (β) β 95% CI (β)

fT (nmol/L) 0.008a–d –0.006 to 0.022 0.006a–e –0.017 to 0.029 0.005a–d,f –0.019 to 0.029 –0.005a,d,f –0.029 to 0.018 0.003a–f –0.007 to 0.012
SHBG (nmol/L) –0.094a–d –1.29 to 1.27 2.732a,b,d –0.189 to 5.65 –1.345a,b,d –4.47 to 1.78 3.598 1.74 to 5.46* 0.904a–d –0.041 to 1.850
E2 (pmol/L) –0.216a–f –3.09 to 2.66 –3.388b,e –12.3 to 5.57 –4.436b,d –1.02 to 1.33 0.354a,b,d,f –4.67 to 5.37 –1.27a–f –3.58 to 1.05
lnLH (IU/L) 0.006b,d,f –0.025 to 0.114 –0.115d –0.231 to 0.0006 –0.070b,d –0.191 to 0.051 0.092 0.005 to 0.175* ND ND
Inhibin B (ng/L) 6.16a,b,d –3.93 to 16.3 –2.255a–e –21.1 to 16.6 –6.385a,b,d –28.1 to 12.7 –0.502a,c,d,f –13.9 to 12.9 –0.880a–f –7.43 to 5.67
lnFSH (IU/L) 0.030a–d,f –0.048 to 0.097 0.097a,b,d –0.261 to 0.067 1.07a,b,d,f –0.876 to 1.16 0.042d –0.065 to 0.145 0.021a–f –0.029 to 0.072

ND, not done because of statistically significant heterogeneity.
Footnote letters correspond to the confounders that fulfilled the criteria for being included in the final model: aBMI [low (< 20), normal (> 20 to ≤ 25), high (> 25 to ≤ 30), or obese (> 30)].
bSeason (summer/autumn/winter/spring). cTime of blood sampling (before 1200 hr/1200 hr or later). dAge (years). eAlcohol (≤ 21 alcohol drinks per week/> 21 alcohol drinks per week).
fSmoker (yes/no). *Statistically significant association because 95% CI (β) does not include zero.

Table 5. The adjusted regression coefficients (β) for association between p,p´-DDE lipid-adjusted levels and the outcome variables.

Greenland (n = 258) Warsaw (n = 113) Swedish fishermen (n = 184) Kharkiv (n = 194) All (n = 749)
Hormone β 95% CI (β) β 95% CI (β) β 95% CI (β) β 95% CI (β) β 95% CI (β) 

fT (nmol/L) 0.011a–c 0.004 to 0.024* – 0.016a–d –0.047 to 0.015 –0.007a–e –0.026 to 0.012 0.008a,c,d,f 0.021 to 0.037* 0.006a–f –0.003 to 0.015
SHBG (nmol/L) –0.509a–d –1.63 to 0.616 1.463a,b,d,e –2.46 to 5.39 –0.951a,c,d –3.52 to 1.61 3.57 1.27 to 5.88* 0.189a–e –0.736 to 1.12
E2 (pmol/L) 0.516a–f –1.99 to 3.03 –10.5a –23.7 to 2.60 –0.355a–d –0.324 to 0.364 3.23d –2.81 to 9.28 0.090a–f –2.17 to 2.35
lnLH (IU/L) 0.041a,b –0.039 to 0.279 –0.019a–e –0.194 to 0.156 0.014a,b,d,f –0.085 to 0.113 0.227 0.124 to 0.324* ND ND
Inhibin B (ng/L) 9.01d,f –0.123 to 18.9 –10.3a–d –35.5 to 15.0 –5.325a–d –20.0 to 0.476 –17.0a –33.6 to –0.473* –1.57a–d –8.05 to 4.92
lnFSH (IU/L) 0.030a–c,f –0.033 to 0.094 –0.012a,b,d,e,f –0.211 to 0.236 0.122a,c,d –0.046 to 0.290 0.115c –0.015 to 0.245 0.056a–f 0.006 to 0.105*

ND, not done because of statistically significant heterogeneity. 
Footnote letters correspond to the confounders that fulfilled the criteria for being included in the final model: aSeason (summer/autumn/winter/spring). bTime of blood sampling (before
1200 hr/1200 hr or later). cAge (years). dBMI [low (< 20), normal (> 20 to ≤ 25), high (> 25 to ≤ 30), or obese (> 30)]. eAlcohol (≤ 21 alcohol drinks per week/> 21 alcohol drinks per week).
fSmoker ( (yes/no). *Statistically significant association because 95% CI (β) does not include zero.



activate the AhR, which previously was shown
to affect the action of androgen as well as estro-
gen receptors in prostate cells (Kizu et al. 2003;
Pocar et al. 2005). Whether such interaction
also can exist in other organs is not yet known.
Thus, the sum ED effect of POP exposure
depends not only on the levels of the two mark-
ers CB-153 and p,p´-DDE but also on the total
panorama of chemicals to which the subject has
been exposed.

Other factors contributing to the inter-
center difference should also be considered.
The Inuits represent an ethnic group different
from the three European Caucasian popula-
tions and might, therefore, have differing
genetically determined sensitivity to adverse
effects of POPs. In Sweden and in Greenland,
the source of exposure was consumption of
seafood, whereas the source of POPs was
unclear in Warsaw and in Kharkiv. Further-
more, in three of the centers, the men were
selected as proven fertile men, whereas the
inclusion of Swedish fishermen was not based
on their fertility status. However, 80% of the
participating fishermen had fathered a child.
Comparison of the three cohorts of partners to
pregnant women showed significant between-
population differences regarding levels of all
reproductive hormones except LH. Finally,
major expected differences in overall dietary
composition, rather than how this alters POP
exposure, might be a more influential factor
on hormone levels in the studied men. The
POP exposure data might be partial markers
for some of these differences (e.g., consump-
tion of oily fish) and thus explain the lack of
consistent effects between populations.

The overall INUENDO project has
included a large number of reproductive end
points, including standard semen parameters,
levels of reproductive hormones, sperm chro-
matin integrity, and TTP. So far, the analysis
of the available data (Axmon et al. 2006;
Spano et al. 2005; Tiido et al. 2006; Toft et al.
2006) indicates significant cohort-to-cohort

differences regarding the association between
exposure levels and reproductive outcomes.
The findings of the present study fit into this
general pattern and support the above-men-
tioned factors as plausible explanations of this
regional variation.

For each center, 24 comparisons were per-
formed, and some of the statistically significant
associations reported here might be chance
findings because of mass significance, although
this explanation does not seem likely in
Kharkiv, where both CB-153 and p,p´-DDE
exposure levels seemed to have an impact on
several of the outcome variables. For both
exposure markers, we found a positive associa-
tion with SHBG concentration; this associa-
tion was close to the level of statistical
significance for the pooled data from the four
centers. This observation is in accordance with
a recent study performed on Swedish military
conscripts (Richthoff et al. 2003). A positive
association between POP exposure and SHBG
was also found in a study of Swedish and
Latvian men but was not significant after
adjustment for age (Hagmar et al. 2001). In a
study of 178 men, Persky et al. (2001) found a
negative association between PCB exposure
and SHBG-bound testosterone, without
affecting levels of SHBG and fT. CB-153 was
found to have an estrogen-like effect in vitro
(Bonefeld-Jorgensen et al. 2001), whereas
p,p´-DDE is known as an antiandrogen, both
types of actions tending to stimulate liver syn-
thesis of SHBG.

Both in Greenland and in Ukraine, we
found that higher POP exposure levels were
associated with an increase in LH, and in the
pooled data set, p,p´-DDE levels were posi-
tively associated with FSH. These effects fit
with the antiandrogenic effect of this com-
pound. In rats, acute exposure to CB-153
caused a decrease in LH and FSH (Desaulniers
et al. 1999). Occupational and accidental
exposures to dioxins have been associated
with a decrease in testosterone levels in adult

men, whereas the findings with respect to
gonadotropin levels were less uniform, with a
positive association between exposure and
FSH as well as LH in one study (Egeland
et al. 1994), and no association in another
(Henriksen et al. 1996). Among men highly
exposed to DDT/DDE, decreased testos-
terone levels were observed (Ayotte et al.
2001; Dalvie et al. 2004; Martin et al. 2002),
but no effects on gonadotropins were found
in the two studies where these hormones were
assessed (Ayotte et al. 2001; Dalvie et al.
2004). In less-exposed populations, no associa-
tions between p,p´-DDE and testosterone or
gonadotropin levels were found (Cocco et al.
2004; Hagmar et al. 2001). Persky et al. (2001)
found no effect of PCB on gonadotropins. In
young Swedish males, there was a weak but
significant negative correlation between
CB-153 and fT in serum, but no effects on
the gonadotropins (Richthoff et al. 2003).
Studies on middle-age and elderly men have
not revealed any association between PCB
exposure and effects on the pituitary–gonadal
axis (Hagmar et al. 2001). However, most of
the above-cited studies were based on a rela-
tively low number of subjects (< 200) and/or
low-to-moderate exposures. In our study, the
association between p,p´-DDE and FSH was
statistically significant in the pooled data set
but not in any of the regional cohorts.

Inhibin B is a Sertoli cell marker reflecting
early stages of spermatogenesis. In Kharkiv,
the levels of this hormone were decreased in
the subjects with the highest p,p´-DDE expo-
sure, whereas an opposite association was seen
regarding the p,p´-DDE and CB-153 exposure
in Greenland and in Warsaw, respectively.
The levels of fT were positively associated
with p,p´-DDE in Greenland but were not
related to exposure in any other cohorts. In
37 Australian men exposed to low levels of
TCDD, Johnson et al. (2001) found a negative
correlation between the concentrations of
TCDD and serum testosterone.

Giwercman et al.
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Figure 1. Box plots showing the association between p,p´-DDE exposure levels (ng/g lipid) and serum concentrations of SHBG (A), LH (B), and inhibin B (C) among the
194 men from Kharkiv. Values shown are median (lines), interquartile range (boxes), and range, excluding extremes and outliers (whiskers). The subjects were allo-
cated into five groups according to the exposure level for all four study groups; however, no Kharkiv subjects were in the lowest exposure group (≤ 250 ng/g lipid).
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Thus, both the data presented here and in
available literature give no clear picture with
respect to the effect of POP exposure on lev-
els of reproductive hormones. The effects
seem in general rather limited and vary con-
siderably from population to population. This
phenomenon might at least partly be due to
the causes suggested above: different exposure
profiles, divergences in selection criteria and
ethnicity, and chance findings due to multiple
comparisons.

When evaluating the results of the present
study, apart from the issue of multiple testing,
potential biases need to be considered. Most
men included in this study of hormone levels
were those who agreed to deliver a semen sam-
ple for analysis. Except for the Inuits, the par-
ticipation rate in the semen study, as in similar
surveys, was rather low. Regarding the
Swedish fishermen, the age distributions and
the mean number of children were very simi-
lar among the participants and the nonpartici-
pants (Rignell-Hydbom et al. 2004). In the
three remaining cohorts, TTP did not differ
between those who delivered semen for analy-
sis and those who did not (Toft et al. 2005).
Therefore, we do not consider selection bias to
be of major concern. In the statistical analysis
we have included all known potential con-
founders: BMI, smoking, alcohol consump-
tion, season, time of blood sampling, and age.
However, we cannot exclude that imperfect
measurements of the confounders have caused
some residual confounding.

In a study of juvenile alligators from Lake
Apopka (Florida) and other American lakes,
Guillette et al. (1999) found no correlation
between PCB or DDE levels and sex steroid
levels. The authors therefore concluded that
the genital malformations rather frequently
found among these animals are not associated
with current levels of environmental contami-
nants but may be due to exposure during
embryonic development. Similarly, the
hypothesis of human TDS focuses on fetal
exposure to chemicals with ED effects
(Skakkebæk et al. 2001). The design of the
present study does not allow estimation of the
effect of fetal exposure in relation to levels of
male reproductive hormones. However, two
main conclusions of this study might have
some relevance in the context of the sugges-
tion of endocrine disruption as the cause of
TDS. First, male reproductive hormone
homeostasis—at least in adulthood—may to
some degree be influenced by POP exposure,
resulting in increasing gonadotropin and
SHBG levels. Second, the pattern of endocrine
response to the POP exposure seems to be
subject of considerable geographic variation.
This variation might contribute to the
regional differences in semen quality and risk
of testicular cancer and of genital congenital
abnormalities reported previously.
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